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in terms of the total metal added to the soil, but the metal free ion concentration in soil solution. They derived Critical Limit Functions, in which the logarithm of the critical free ion concentration was expressed as a linear function of pH. Although this does not involve an explicit mechanism of toxicity, it is consistent with the idea that toxic response is elicited by a quasi-complexation mechanism in which the reactivity of the metal, expressed through the free ion concentration, is a pH-dependent measure of toxicity. This takes bioavailability into account in a simple way, as is thought desirable (Peijnenburg et al., 2002; Janssen et al., 2003) ; there is much current interest in relating metal toxic effects to the chemistry of the metals in the solution phase by which exposure occurs. Lofts et al. (2004) used pedotransfer functions to estimate free metal ion concentrations in soil solution for published toxicity experiments. These functions were multiple regression equations that were derived from analysis of metal concentrations in the solutions of soils of differing pH, organic matter content and heavy metal content (Tipping et al., 2003) . Because such pedotransfer functions are not currently available for Hg(II), we used the WHAM chemical speciation model (Tipping, 1994; 1998) 
Toxicity data
Toxicity data were accepted for analysis if they met the following criteria set out by Lofts et al. (2004) .
(i) Only tests carried out in soils were accepted. Tests carried out in other media (e.g.
agar, nutrient solution) were not used.
(ii) The exposed organism was of a species living in intimate contact with and considered to take up metal directly from the pore water (e.g. earthworms and other soft-bodied invertebrates, plants, and soil microorganisms).
(iii) The metal was added singly to the soil in a soluble form. In all the tests accepted, the form of mercury added was HgCl 2 .
(iv) The pH and organic carbon or organic matter content of the soil were quoted or referenced. Where organic carbon alone was quoted it was converted to organic matter by multiplying by 2.0. Measured pH values were converted from values obtained by soil extraction (using H 2 O, KCl or CaCl 2 ) to soil solution pH using the equations given by de Vries et al. (2005) .
(v) Chronic effect endpoints were used. For plants, data were available for growth (yield) and reproduction, and for soil-dwelling invertebrates reproduction rate. For microbes there were measurements of enzymatic activity, rates of soil processes (e.g. respiration, nitrification), and changes in Operational Taxonomic Units.
(vi) The endpoint metal concentration was taken to be the added Hg concentration. As noted by Lofts et al. (2004) , the optimal Hg pool would be the 'geochemically active' concentration since this controls the solution free ion concentration. However the geochemically active concentration of metal is rarely measured in toxicity tests so for consistency the added metal concentration was used. Since it is highly likely that Hg undergoes fixation in soil solids following addition in soluble form, the added metal concentration represents an upper limit to the geochemically active concentration.
(vii) End point concentrations of metals (NOEC, EC10) were either quoted in the paper, could be clearly extracted from tables of dose-response relationships, or in the case of EC10 
Chemical speciation modelling
Calculations of soil and water chemical speciation were performed using WHAM (Tipping, 1994) incorporating Humic Ion-Binding Model VI (Tipping, 1998 Table S1 . The humic ion-binding model is combined with an inorganic speciation model, the species list and constants for which were given by Tipping (1994) . The inorganic reactions in this database are restricted to monomeric complexes of metals. The effects of ionic strength on the inorganic reactions are taken into account using the extended Debye-Hückel equation. Temperature effects on reactions between inorganic species are taken into account using published or estimated enthalpy data, but in the absence of experimental information, reactions involving humic substances are assumed to be independent of temperature. Tipping (1998 Tipping ( , 2002 showed that the model can account for the great majority of published data sets describing either proton binding by humic matter or the binding of individual metals. Results from laboratory experiments involving competition for binding between metal ions and protons, and between different metal ions, have also been described successfully.
Soil organic matter is considered to comprise humic and fulvic acids (HA and FA), together with "inert" organic matter. The solution phase contains FA and inert organic matter. Therefore to apply the model the amounts of the humic substances (active with respect to cation binding) have to be determined or assumed. Information relevant to the present study has been reported by Tipping (2002) and Tipping et al. (2003) . Tipping et al. (2003) showed that the active organic matter could be represented by a combination of humic water, 65% of the dissolved organic matter was assumed to be active FA (Tipping et al., 2003) . 
Results and discussion

Chemical speciation modelling of Hg(II) in soil
Values of the key parameter to describe metal binding in Model VI, log K MA , have been estimated for Hg(II) from a range of published data from experiments with isolated humic substances (Tipping, 2007) . The derived default values for the model were 3.5 and 2.9 for HA and FA respectively (Table S1 ). However, it should be noted that the experimental data used to derive these constants were both scattered and relatively few in number, compared to those for most other metals to which the model has been applied (Tipping, 1998; 2002) .
Furthermore, for other strongly-binding metals (e.g. Cu, Pb), the values of LKMA for HA and FA are quite similar (Table S1 ), so the difference for Hg is unusual. Consequently there is considerable uncertainty in the default values for Hg(II), and some adjustments can be justified in order to square the lab-based constants with observations relevant to the field.
The model should be able to reproduce the distribution of Hg(II) between the solid and solution phases, which is mainly controlled by the distribution of dissolved and solid-phase organic matter (Schuster, 1991) . Åkerblom et al. (2008) demonstrated that in Swedish forest soils, the ratio of Hg to OC was very similar in solution to that in the solid phase. The similarity in Hg:OC ratios was not correctly predicted using the default log K MA values in WHAM, because the FA value was appreciably lower than that for HA (see above), and FA is assumed to dominate the solution OC. To achieve the required equalisation of Hg:OC ratios in the solid and solution phases, it was found necessary to increase the log K MA value for Hg(II)-FA binding from 2.9 to 3.5. solution. In these circumstances, the free ion concentration is a notional quantity that provides a link between the concentrations of quantitatively dominant species. For example, in a soil system at equilibrium, a conditional equilibrium constant could be defined that relates the concentration of Hg sorbed by solid phase organic matter to the concentration of Hg bound by dissolved organic matter, both measurable quantities. But the same calculation result should be obtained by relating the interactions of both these Hg forms to the theoretical free ion concentration. Thus, there is no reason to abandon the formal chemical description based on the free ion master species. By the same token, Hg(II) interactions with soil organisms can be described in terms of the reactivity of the metal, as expressed through the free ion concentration (see section 3.3).
Critical Limits expressed in terms of Hg(II) soil contents
Fifty-two toxicity end-points were obtained from published data, and these are summarised in Semu et al. (1985) , Gudbrandsen et al. (2007) , Son et al. (2007 ), van Faassen (1973 and Landa and Fang (1978) , and the new data reported here (see Supplementary Content), for which we estimated endpoints using the log-logistic dose response model used by Lofts et al. (2004) . The data set of Table 2 represents a substantial increase in the number of data points (18) assembled by Slooff et al (1995) , and is an up-to-date compilation providing the best current basis for assessing Hg(II) toxic effects in soils.
The number of end-points is comparable to those used for other heavy metals (Table 3) .
Plotting all the toxicity end-points expressed as µg (g soil) -1 , or their logarithms, against either pH or SOM did not reveal any significant relationships, neither did multiple regression combining pH and %OM. This may reflect the differences in toxicity processes. Welp and Brummer (1997) showed that for the same microbial process (Fe(III) reduction) in different soils the logarithm of the end-point depended significantly on both pH and %OM, and we found that multiple regression with these variables yielded an r 2 of 83% (p < 0.001).
However, no such relationships were found in the new data reported here on other microbial processes (Table 2B ). In contrast, our SOM-based value is appreciably higher than the value of 0.5 µg (g SOM) The calculation required assumptions about the background electrolyte, and each soil had to be "titrated" with either strong acid or strong base to achieve the measured pH. The [Hg 2+ ] values finally used were obtained assuming all soils to contain 0.5 mM Ca(NO 3 ) 2 as background electrolyte, with calculated additions of either Na or Cl to adjust pH. However, very similar results were obtained if NaCl was used as background, and adjustments were made with Ca or NO 3 . As discussed in Section 3.1, we set log K MA to 3.5 for both HA and FA, and assumed log K so = 2.7 for Fe(OH) 3 solubility. Since the toxicity data refer to added metal in laboratory toxicity experiments, we assume that all the metal is "reactive" or "geochemically active", i.e. able to participate in solid-solution partitioning, chemical speciation in solution, and to be bioavailable. The estimated free ion concentrations are included in Table 2 , and plotted against pH in Figure 2 . Figure 2 represents the CLF, with = -2.15 and crit = -17.10. Figure 2 shows the CLF for Hg(II) and also CLFs derived for other heavy metals (Ni, Cu, Zn, Cd and Pb). It is clear that the Hg(II) CLF falls many orders of magnitude below those of the other metals. The range of end-points, on the logarithmic scale, is relatively large for Hg(II). Table 3 presents the full set of CLF parameters for six cationic metals.
The CLF approach is empirical, but is consistent with the more mechanistic Biotic
Ligand Model (Niyogi and Wood, 2004; Thakali et al., 2006) , in that chemical speciation is regarded as the key to metal interaction with organisms, and thereby to toxicity. The free metal ion concentration is central to this idea, but competition with other cations, notably H + , is also taken into account, hence the pH term in the CLF. In the case of Hg(II) the free ion concentrations are very low (Table 2, Figure 2 ), which means that binding to both soil organic matter and the biota is very strong. It is important to recognise that the free ion approach does not suggest that the free ion is somehow the "toxic species" or the "bioavailable form" of the metal; rather, it is the main variable that predicts toxicity. In the chemical equilibrium- But in an absolute sense the CLF parameters are highly approximate. 
Application of the Critical Limits for Hg(II)
For four hypothetical but representative soils differing in pH and OM content, we calculated the active Hg content corresponding to the three types of Critical Limit derived in the present work (Table 4) . For the soil-based Hg content limit of 0.13 µg g -1 the value is the same in all cases, and variation in soil properties cannot be taken into account. The SOM-based limit of 3.3 µg g -1 yields a variation of 100-fold, from 0.03 to 3.3 µg g -1 . The CLF gives similar results but a slightly smaller range, from 0.04 to 1.2 µg g -1 . The differences between the SOM-and CLF-based values arise because the pH dependence of Hg(II) binding by soil differs from the pH-dependence of the CLF. These results demonstrate the superiority of approaches that take soil properties into account; the purely soil-based Critical Limit would be over-protective at low pH / high SOM and under-protective at high pH / low SOM.
The soil contents of Hg(II) at the Critical Limit refer to reactive metal, which is welldefined for toxicity experiments in which metal salts are added to soil, and in theoretical chemical speciation calculations, but less so when analysing samples of soils from the field.
For the other cationic bivalent metals of Table 3 
